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Abstract – Using the Bay of Biscay and Celtic Sea area as a case study, we showed how stock-assessments
and trophic models can be useful and complementary tools to quantify the fishing impacts on the whole food
web and to draw related diagnoses at the scale of marine ecosystems. First, an integrated synthesis of the
status and trends in fish stocks, derived from ICES assessments, was consolidated at the ecosystem level.
Then, using the well-known Ecopath and Ecosim and the more recently developed EcoTroph approach, we
built advice-oriented ecosystem models structured around the stocks assessed by ICES. We especially
analysed trends over the last three decades and investigated the potential ecosystem effects of the recent
decrease observed in the overall fishing pressure. The Celtic/Biscay ecosystem appeared heavily fished
during the 1980–2015 period. Some stocks would have started to recover recently, but changes in species
composition seem to lead to more rapid and less efficient transfers within the food web. This could explain
why the biomass of intermediate and high trophic levels increased at lower rates than anticipated from the
decrease in the fishing pressure. We conclude that, in the frame of the Ecosystem approach to fisheries
management, trophic models are key tools to expand stock assessment results at the scale of the whole
ecosystem, and to reveal changes occurring in the global parameters of the trophic functioning of
ecosystems.
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1 Introduction

Twenty years ago, in the Code of conduct for Responsible
Fisheries (FAO, 1995), the Food and Agriculture Organisation
of United Nations called for the implementation of an
Ecosystem Approach to Fisheries Management (EAFM).
Since then, EAFM has been recognized worldwide as an
urgent need by international bodies in charge of fisheries
management (European Commission, 2002, 2013; UN, 2012)
and research (e.g. ICES, 2014). Theoretically, it aims at
assessing the impact of fisheries on ecosystem functioning, and
to take into account the fact that fisheries are embedded into
the environment and cannot be managed in isolation (Garcia
et al., 2003; Pikitch et al., 2004; Jennings and Rice, 2011;
Rice, 2011). In practice, making EAFM operational remains
challenging, and fisheries management is still based primarily
on single-species approaches. Regulations such as fishing
quotas or legal size limits are for instance still defined at the
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stock level. Thus, single-species stock assessments currently
remain a cornerstone of fisheries management, and will
certainly not be simply replaced in the coming years by fully
integrated assessment of the human impact on ecosystem
health.

At the same time, many scientific studies conducted over
the last ten years have shown that the transition towards
EAFM implementation can, and needs to, include assessing
fishing impacts, not only on exploited stocks but also on the
whole food web, taking into account changes in species
assemblages and trophic interactions. Thus, trophic models
have been increasingly used, with the aim to quantify the
fishing-induced changes in the trophic functioning of
ecosystems and to simulate the possible direct and indirect
impacts of various fishing scenarios on the distinct compart-
ments of the food web (Pauly et al., 2000; Fulton et al., 2011;
Link, 2011). For such a purpose, the Ecopath with Ecosim
model and software (Polovina, 1984; Christensen and Pauly,
1992; Walters et al., 1997) has become the most popular
standard tools of ecosystem modelling. It has been used
worldwide for more than 400 case studies (Colléter et al.,
2015), in ecosystems of various sizes and characteristics, and
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Fig. 1. Map of the study area (delimited with a heavy line). The Celtic
Sea and the Bay of Biscay.
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contributing to a significant improvement of our knowledge
of ecosystem functioning (Christensen and Walters, 2004;
Christensen, 2013; Coll et al., 2015). However, such an
approach is often largely decoupled from the stock
assessment process and poorly used to define options in
fisheries management.

In Europe, the common fisheries policy explicitly calls
for EAFM implementation (European Commission, 2002,
2013). Political authorities also adopted in 2009 the Marine
Strategy Framework Directive with the aims to achieve a
‘Good Environmental Status’ of marine ecosystems by 2020
(European Commission, 2008a, b). From this point of view,
the fishing pressure was obviously much too high in the 90s
and early 2000s, leading to overexploited stocks and
degraded ecosystems (Garcia and De Leiva, 2005; Guénette
and Gascuel, 2012; Gascuel et al., 2016). Several studies
have shown that, on average, the pressure significantly
decreased over the last ten years in almost all European seas
of the North West Atlantic, principally as the result of more
restrictive TACs (Cardinale et al., 2013; Fernandes and
Cook, 2013). At the same time, recovery of stocks appears to
be very slow, while length-based or trophic-based indicators
suggest that the structure and functioning of ecosystems has
not really started to improve (Gascuel et al., 2016). Trophic
models have been developed in the North Sea (Mackinson
and Daskalov, 2007; Mackinson, 2014), the Baltic Sea
(Tomczak et al., 2009, 2012), the deep-sea west of Scotland
(Heymans et al., 2011), the Celtic Sea (Lauria, 2012), the
Western Channel (Ara�ujo et al., 2005, 2008), and the Bay of
Biscay (Lassalle et al., 2012). With the exception of the
North Sea case (Lynam and Mackinson, 2015; STECF,
2015a), these models were poorly used to assess fishery
policy options and to make global diagnoses of the fishing
impact on ecosystems. Like almost everywhere in the world,
European fisheries management is based mainly on single-
species approaches.

Here, using the Bay of Biscay and Celtic Sea area as a
case study, we investigated how stock-assessments and trophic
models can be useful and complementary tools to quantify
the fishing impacts on the whole food web and to draw related
diagnoses at the scale of marine ecosystems. First, an
integrated synthesis of the status and trends in fish stocks,
derived from recently available ICES assessments, was
consolidated at the ecosystem level. Then, incorporating stock
assessment data in the well-known Ecopath and Ecosim
standard and the more recently developed EcoTroph approach
(Gascuel and Pauly, 2009; Gascuel et al., 2011), we built
advice-oriented ecosystem models structured around stocks
assessed by ICES; one representing 2012, the other 1980.

The impact of fishing on the food web over the last three
decades was investigated by (1) comparing two Ecopath
models, for years 1980 and 2012, (2) estimating trends in
trophic-based indicators derived frommodels, and (3) building
diagnoses of ecosystem status from Ecosim and EcoTroph
simulations. In particular we examined the sensitivity of the
potential ecosystem effects of the recent decrease observed in
the overall fishing pressure. In doing so, we show how results
from EcoTroph can be used to expand stock assessment results
at the scale of the whole ecosystem by revealing changes
occurring in the global attributes of the trophic functioning of
ecosystems.
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2 Methods

2.1 Catch data and trends in stock assessment

The study area includes the continental shelves of the
Celtic Sea and the Bay of Biscay (ICES Divisions VIIe-k and
VIIIabd, respectively; Fig. 1). This area, hereafter called the
Celtic/Biscay ecosystem, stretches from the coast to the 600m
isobaths and integrates the fisheries that operate on the edge of
the shelf (albacore tuna, monkfish, etc.). The total surface area
is 331 887 km2 and represents a potential catch of approxi-
mately 500 000 t, i.e. roughly 15% of landings recorded in
Europe. The main countries that fish in this area are France,
Spain and the United Kingdom, followed by Belgium, Ireland
and Germany.

Catch data from 1980 to 2012 were extracted for the
various functional groups included in the Ecopath model from
the Statlant database compiled by the International Council for
the Exploration of the Sea (ICES) (http://www.ices.dk/marine-
data/dataset-collections/Pages/Fish-catch-and-stock-assess
ment.aspx). Data from before 1980 cannot be used because a
substantial proportion of the catches were recorded at
insufficiently precise spatial scales (i.e. by ICES Division
and not by Subdivision). Some post-1980 data, representing
less than 5% of total catches, also suffer from this problem;
these data were pro-rated based on surface area to obtain an
estimate at the Subdivision scale. Fifteen fish stocks present in
the study area were assessed each year by ICES (Table 1). For
all these stocks, the data on biomass, catch and mortality used
in this study come from the ICES working group reports. For
stocks whose distribution extends beyond the study area
(i.e. hake and small pelagic fish like horse mackerel, herring,
anchovy and mackerel), biomass was pro-rated accordingly to
yearly catches.
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Table 1. Parameters for the stocks assessed by ICES: stock name, name of the ICES working group in charge of the assessment, distribution
area (ICES subdivisions), natural and current fishing mortalities (y�1), targets values for the fishing mortalities FMSY, current values B and
threshold value Bpa for the stock spawning biomass (tons), first year of assessment. All parameters were issued from ICES reports. Note that
values of FMSY and Bpa are not estimated by ICES for 4 stocks.

Stock Species ICES WG Subdivision M F FMSY B Bpa First
year

Herring Clupea harengus HAWG VIIa South of 52° 30' N,
VIIg,h,j,k

0.52 0.310 0.37 86 595 61 000 1980

Whiting Merlangius merlangus WGCSE VIIe-k 0.20 0.264 0.32 66 961 40 000 1982
Cod Gadus morhua WGCSE VIIe-k 0.21 0.551 0.40 14 851 10 300 1980
Sole 7f,g Solea solea WGCSE VIIf,g 0.10 0.524 0.31 3087 2200 1980
Sole 7e Solea solea WGCSE VIIe 0.10 0.250 0.27 3489 2800 1980
Sole 8a,b Solea solea WGCSE stock VIIa,b 0.10 0.469 0.26 13 709 13 000 1984
Plaice Pleuronectes platessa WGCSE VIIe 0.12 0.274 0.24 4766 1650 1980
Haddock Melanogrammus aeglefinus WGCSE VIIb,c,e-k 0.20 0.923 0.33 30 261 7500 1993
Sardine Sardina pilchardus WGHANSA VIIIabd and VII 0.7* 0.180 – – – 2000
Anchovy Engraulis encrasicolus WGHANSA VIII 1.20 0.222 – 63 477 – 1987
hake ad Merluccius merluccius WGHMM IIIa, IV, VI & VII

and VIIIa,b,d
0.40 0.460 0.27 166 050 46 200 1980

Megrim Lepidorhombus whiffiagonus WGHMM VIIb-k and VIIIa,b,d 0.20 0.197 – – – 1984
Horse mac Trachurus trachurus WGWIDE IIa, IVa, Vb, VIa,

VIIa-c, e-k, VIII
0.15 0.208 0.13 772 334 634 577 1982

Mackerel Scomber scombrus WGWIDE NE Atlantic 0.15 0.210 0.25 4 299 460 2 200 000 1980
Boarfish Capros aper WGWIDE NE Atlantic 0.16 0.090 – – – 1991

* For sardine, the natural mortality (not provided by ICES) was estimated from an empirical equation (Pauly, 1980).
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The state of the assessed stocks and the changes that
occurred during the study period were plotted for the Celtic/
Biscay ecosystem using a derived form of the commonly used
Kobe plot. Here, the plot is based on the two reference points
used for fishery management in Europe: FMSY, the fishing
mortality that maintains a stock at its maximum sustainable
yield (MSY), and Bpa, the minimum biomass of the
precautionary approach assumed sufficient to avoid recruit-
ment overfishing. ICES provides estimates of FMSY and Bpa for
11 of the 15 stocks assessed herein (Table 1). The situation
for each stock is thus represented as a function of its relative
biomass B/Bpa, which is an indicator of the state of the stock,
and its relative mortality F/FMSY, which is an indicator of the
fishing pressure that the stock undergoes. The changes in these
values were analysed by comparing them with the current
levels (i.e. 2015, the last year for which data are available) and
the levels at the beginning of the study period (i.e. 1980, or
the first year of stock assessment records). The mean trajectory
of the stocks was represented by the 1993–2015 period for
which data were available for all the assessed stocks included
in this study.
2.2 Ecopath models

Two Ecopath models were constructed to represent the
trophic functioning of theCeltic/Biscay ecosystem, one for 2012
and the other for 1980. The Ecopath model assumes that energy
and biomass are conserved (Polovina, 1984; Christensen and
Pauly,1992).The relatedbasicequationsof thisnowwidelyused
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model have been given elsewhere (Christensen et al., 2005). The
Celtic/Biscay model was constructed using the EwE software
ver. 6.4 (Lai et al., 2009). It was split into 38 functional groups
or trophic boxes, covering all of the biomass found in the
ecosystem. Eleven of the fifteen ICES-assessed stocks each
make up one trophic group. The model thus contains five small
pelagic fish groups (anchovy, sardine, herring, mackerel and
horse mackerel) and six groups of demersal fish (whiting, cod,
hake,megrim, plaice and sole). Given the available data, the cod
and hake groups were separated into juveniles and adults using
the multi-stanza function of the model. The three sole stocks,
whose biomass is low, were grouped into a single box. Haddock
was included in the group of large demersals and boarfish in the
group of medium demersals, both representing the main part of
their group.

The model was also specified for other fishery species that
have not undergone a full stock assessment by ICES. Fourteen
other functional groups were thus defined for exploited
species: four at the species or genus level (sprat, pouts, blue
whiting and monkfish), two cartilaginous fish groups (sharks
and rays), five groups combining other fish species according
to size and ecology (large and medium pelagic fish, large and
medium bathydemersals found on the slope of the continental
shelf and small demersal species) and three groups of exploited
invertebrates (cephalopods, crabs/lobsters and shrimps). The
model also included two marine mammal groups (baleen
whales and toothed whales), a group of small bathydemersals
that are not fished and six groups of primary producers,
zooplankton and benthos (see detailed composition of each
group in Supplementary Materials S1).
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Table 2. Parameters of the 2012 Ecopath model of the Celtic/Biscay ecosystem (values in bold were estimated by Ecopath). TL: trophic level
(dimensionless); B: biomass (t km�2); P/B: production/biomass (yr�1); Q/B: consumption/biomass (yr�1); EE: ecotrophic efficiency
(dimensionless); P/Q: production/consumption (dimensionless); Y: landings (t km�2 yr�1); Acces.: accessibility to fishing (dimensionless) (see
Supplementary Material S4 for the 1980 model).

Group name TL B P/B Q/B EE P/Q Y2012 Acces.

1 Baleen whales 3.78 0.065 0.035 4.775 0.493 0.007 0 0.0

2 Toothed whales 4.61 0.033 0.135 11.998 0.816 0.011 0 0.0
3 Sharks L 4.77 0.063 0.18 1.8 0.8 0.1 0.0044 0.6
4 sharks/rays 4.14 0.266 0.35 3.5 0.800 0.1 0.0177 0.6
5 Whiting 4.34 0.209 0.37 5.708 0.953 0.065 0.0357 0.8
6 Mackerel 3.67 0.4 0.4 1.6 0.911 0.25 0.1341 0.4
7 Horse mackerel 3.57 1.342 0.43 1.72 0.949 0.25 0.2191 0.4
8 Anchovy 3.17 0.212 1.26 9.13 0.933 0.138 0.0136 0.8
9 Sardine 3.02 0.62 0.91 6.8 0.958 0.134 0.1121 0.8
10 Sprat 3.20 0.482 1.03 4.12 0.950 0.25 0.0157 0.8
11 Herring 3.48 0.893 0.59 4.59 0.684 0.129 0.0651 0.8
12 Pelagic M 3.41 0.227 0.73 4.92 0.95 0.148 0.0071 0.4
13 Pelagic L 4.22 0.115 0.4 4.13 0.9 0.097 0.0019 0.4
14 Hake 4.72 0.615 0.645 2.6 0.944 0.248 0.1622 0.6
15 Hake juv 4.35 0.141 1.228 6.176 0.934 0.199 0.0057 0.4
16 Cod 4.34 0.074 0.52 4 0.764 0.13 0.0231 0.8
17 Cod juv 3.82 0.009 0.67 9.141 0.926 0.073 0.0001 0.6
18 Sole 3.47 0.081 0.6 3.7 0.825 0.162 0.0196 0.8
19 Plaice 3.39 0.028 0.65 3.42 0.886 0.190 0.0071 0.8
20 Demersal L 3.98 1.415 0.244 1.22 0.950 0.2 0.1519 0.6
21 Pouts 3.82 0.865 1.316 6.58 0.950 0.2 0.0099 0.6
22 Blue whiting 3.71 1.384 0.484 2.42 0.95 0.2 0.0395 0.4
23 Demersal M 3.53 3.254 0.43 2.15 0.950 0.2 0.2793 0.4
24 Demersal S 3.28 2.093 1.09 4.36 0.95 0.25 0.0154 0.05
25 Monkfish 4.60 0.596 0.3 2.4 0.8 0.125 0.1096 0.8
26 Bathy L 4.27 1.038 0.14 0.7 0.9 0.2 0.0273 0.1
27 Megrim 4.33 0.229 0.36 1.8 0.885 0.2 0.0451 0.6
28 Bathy M 3.75 0.402 0.71 5 0.900 0.142 0.0043 0.05
29 Bathy S 3.25 0.836 1.87 10.97 0.9 0.170 0 0.0
30 Cephalopods 3.62 0.346 3.12 10.4 0.9 0.3 0.0607 0.1
31 Lobsters/crabs 3.37 1.445 1.2 8 0.9 0.15 0.0522 0.4
32 Shrimps/crabs 3.04 8.191 1.6 10.667 0.95 0.15 0.0021 0.02
33 Benthos 2.39 44.748 2.1 14 0.9 0.15 0.1286 0.01
34 Zooplankton L 2.51 14.033 4.3 16.9 0.9 0.254 0 0.0
35 Zooplankton S 2.02 13.220 29 120 0.900 0.242 0 0.0
36 Phytoplankton 1 27 100 0 0.588 0 0.0
37 Benthic produc. 1 38.047 4.4 0 0.2 0.1286 0.02
38 Detritus 1 130 0.227
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For each functional group, the Ecopath model requires
input of either biomass (B) or ecotrophic efficiency (EE; which
measures the proportion of production that is used in the
ecosystem as modelled via catch, predation, biomass
accumulation or net migration), the productivity of the group
measured by its production-to-biomass (P/B) ratio, and either
its consumption-to-biomass (Q/B) ratio or its production-to-
biomass (P/Q) ratio.

Biomass estimated from ICES stock assessments was
used as input for the 11 groups of ICES-assessed fish
stocks. This parameter was determined for juvenile cod and
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hake according to specific growth and mortality parameters
that were used to link the two stanza, adults and juveniles.
Biomass data for marine mammals, small zooplankton, and
(large and small) bathypelagic groups were taken from the
large marine ecosystem study (LME #24) (unpublished
data from Christensen et al., 2009). Phytoplankton biomass
was based on estimations for LME 24 provided by the Sea
Around Us Project (www.seaaroundus.org) based on SeaWifs
data. For the other groups, ecotrophic efficiency was used as
model input and biomass was estimated as model output
(Table 2).
f 18

http://www.seaaroundus.org
http://www.alr-journal.org/10.1051/alr/2017006/olm


A. Bentorcha et al.: Aquat. Living Resour. 2017, 30, 7
The P/B ratio was estimated for each group using the Allen
(1971) equation: P/B=FþM, where F is fishing mortality and
M, natural mortality. For all assessed stocks, yearly fishing
mortalities were calculated according to the catch equation:
F =Y/B, where Y is total catch in weight. For fished groups for
which biomass was not known, the fishing mortality was set to
F =m�M using empirical values of the multiplierm, based on
experts knowledge, and by testing the sensitivity of biomass
estimates during the mass-balancing process of the Ecopath
model. Natural mortality values were preferably those used by
ICES or, when unavailable, from the empirical equations from
Pauly (1980) or Hoenig (1983). The Q/B ratio was calculated
from the empirical relationship of Palomares and Pauly (1998).
The diet matrix was derived from an extensive review of the
scientific literature on the study area or on similar neighboring
ecosystems (see Supplementary Materials S2 and S3).

The 2012 Ecopath model, based on the most recent and
reliable data, was balanced first using a top-down strategy (i.e.
starting by high TLs first) and correcting with parsimony the
most uncertain parameters used as input when the ecotrophic
efficiency was estimated higher than 1. The PREBAL tool of
the EwE software was used (see Supplementary Material S5)
to check the consistency of B, P/B and Q�B parameters,
according to the “rule of thumb” defined by Link (2010;
Heymans et al., 2016). For all exploited and not assessed
groups, consistency of biomass estimated by the model was
also checked by examining the reliability of the derived fishing
mortalities. Most corrections made during the balancing
process related to diet values, especially when no local data
were available. The P/B ratio was slightly increased for benthic
producers (to ensure a realistic exploitation rate), zooplankton
and pouts (to feed their predators), while consumption had to
be decreased a bit for some small pelagics (mackerel, horse
mackerel and sprat) and for predators such as sharks, and large
demersals. Finally, irrelevant values of the fishing mortality
led us to increase the ecotrophic efficiency compared to the
initially assumed value for large sharks (from 0.6 to 0.8) and
to decrease it for monkfish (from 0.9 to 0.8).

The 1980 model was derived from the 2012 model by
changing values of catches (Y), biomass (B) and productivity
(P/B) according to the available stock assessment data. For the
few stocks whose assessment started after 1980 (i.e. whiting
and horse mackerel in 1982, megrim and sole in 1984), 1980
biomass was estimated by backward extrapolation of the trends
observed in the following years. The biomasses of marine
mammals, primary producers and zooplankton were assumed
to be constant, as well as consumption rates Q/B. The diet
matrix was corrected according to changes in prey abundance,
assuming constant feeding preferences. All other parameters
were estimated by the model.
2.3 Ecosim model

The Ecosim model (Walters et al., 1997) is a dynamic
model that describes the ecosystem changes caused by fishing
and the environment. Ecosim uses a set of differential
equations to estimate biomass and biomass flow rates within
the ecosystem for each time step, and does so by taking into
account modifications in predator–prey relationships, dietary
preferences and changes in fishing mortality. Thus the change
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in biomass (Bi) per unit time for group i is expressed as
follows:

dB
dt

¼ gi
X

j
Qji �

X
k
Qik þ Ii � ðMoi þ Fi þ eiÞBi; ð1Þ

where gi is the dietary efficiency rate,Qji is the consumption of
prey j by group i,Qik is the consumption of group i by predator
k, Ii is immigration expressed in t/km2, Moi is the annual
natural mortality other than predation, Fi is the annual fishing
mortality rate and ei is the annual emigration rate. The
predator–prey relationship that determines consumption Qji is
based on foraging arena theory in which the biomass of prey is
divided into a vulnerable compartment and a non-vulnerable
compartment with respect to its predator (Walters and Kitchell,
2001; Ahrens et al., 2012). The transfer rate between these two
compartments (called the vulnerability parameter) varies from
1 to infinity. In practice, the vulnerability is the maximum
multiplier of the mortality rate that a predator can have on a
prey. A high vulnerability value implies that a change in
predator biomass causes variation in the biomass of its prey
and thus the predator exerts a top-down control on its prey. In
contrast, vulnerability equal to one indicates that the changes
in prey biomass are independent of variation in predator
biomass and thus are bottom-up controlled, depending on the
environment. Theoretically, the vulnerability parameter can be
estimated for each predator–prey pair during the fit of the
model to time series. However, given the uncertainty of
variation among the different prey of a given predator, and to
reduce the number of parameters to estimate, it is common
during the fitting phase of Ecosim models to assign identical
values to all the prey for a given predator.

By using the 1980 Ecopath model as a starting point, the
Ecosim model was fit to the time series data on fishery
mortalities, biomass and catches for the 1980–2012 period.
Fishing mortality in each of the ICES stock assessments was
used as the forcing variable in the adjustment. Fishing
mortality at age 1 was used for juvenile cod and hake, and the
fishing mortality for haddock was assumed to be representative
of the fishing pressure on the large demersal group.
The biomass time series data are available in absolute values
(in t/km2) for the 11 ICES-assessed groups and for juvenile cod
and hake (biomass at age 1). The relative values of biomass
indices were used for the large and medium demersal fish
groups based on the estimation of biomass for haddock and
boarfish, respectively, as well as for monkfish for which
ICES provides biomass indices since 1997 based on scientific
survey data. The time series of catches are available for the
29 groups of exploited species from ICES working group
reports for assessed fish stocks and from the Statlant database
for the other species.

We tried without success to improve the fit of the model
using various environmental parameters (from Huret et al.,
2013), particularly the sea–surface temperature and the North
Atlantic oscillation index, as forcing functions. Following the
procedure described by Christensen et al. (in press), we used
recruitment anomalies as environmental variables to improve
the Ecosim model fit, for groups whose dynamics are highly
dependent on recruitment. Thus, the procedure was applied to
juvenile hake, juvenile cod and small pelagic fish (anchovy,
mackerel, horse mackerel and herring), assuming that the
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dynamics of these four stocks were similar to those of their
recruits, given their short lifespan and high dependence on
environmental conditions. For each group considered,
anomalies were expressed as annual recruitment (estimated
from ICES assessments) relative to mean recruitment for the
study period. Then, they were used as forcing functions,
thereby affecting the productivity of prey consumed by the
group. We checked a posterior that the procedure improved
the global fit of the model to the time series.

2.4 EcoTroph models

The EcoTroph model (Gascuel, 2005; Gascuel and Pauly,
2009) is based on a simple representation of the ecosystem
using trophic spectra that represent the continuous distribution
of the main ecosystem parameters as a function of trophic level
t (Gascuel et al., 2005). This continuous distribution is
conventionally approximated by considering trophic classes of
Dt = 0.1 trophic level (TL) in width (i.e. Bt designates the
biomass of trophic class [t, tþDt]). Using the Ecopath model
as a starting point, trophic spectra were constructed for
biomass, production, total catch and respiration. To do this, the
biomass Bi (or production Pi=Bi� (P/B)i, or catch Yi, or
respiration Ri=Bi� (R/B)i) of each Ecopath functional group i
is distributed across a range of trophic levels according to a
log-normal distribution, to account for inter-individual
variability within each group. The sum of the biomass (or
production, or catches or respiration) of all groups constitutes
the biomass (or production or catches or respiration) trophic
spectrum (for the detailed procedure of spectrum construction,
see Gasche et al., 2012; Colleter et al., 2013). From these,
trophic spectra can be deduced for kinetics (Kt=Pt/Bt), fishing
mortalities (Ft= Yt/Bt) and fishing loss rate (’t =Yt/Pt).
Trophic spectra were used to carry out a global comparison of
the outputs of the 1980 and 2012 Ecopath models.

The EcoTroph model was then used to simulate changes in
fishing pressure by modifying the fishing mortality parameter
Ft currently applied to each trophic class. The model is based
on the assumption that ecosystem functioning can be
represented as a simple continuous transfer of biomass from
low to high trophic levels through predation and ontogeny
(Gascuel, 2005; Gascuel and Pauly, 2009). This trophic flow is
characterised by two parameters: biomass flow, which
measures the quantity of biomass transferred to each trophic
level per unit time (t km�2 yr�1), and the kinetics of that flow,
which measures the velocity of the biomass transfers, i.e. the
number of trophic levels t crossed per unit time (TL yr�1).
Based on these two parameters, the model can be constructed
from four main equations derived from fluid mechanics.

The biomass equation links biomass Bt (t km�2) to
production Pt (t TL km�2 yr�1), biomass flow Ft and flow
kinetics Kt:

Bt ¼ Ft � Dt=Kt ¼ Pt=Kt: ð2Þ

The flow equation reflects that biomass transfers to higher
trophic levels are not conservative. Losses occur due to, in part,
the natural processes of respiration and excretion and, in part,
to fishing. Thus:

FtþDt ¼ Ft � exp½�ðmt þ ’tÞ� � Dt; ð3Þ
Page 6 o
where mt and ’t are the natural loss rate and the fishing loss
rate, respectively. Exp(�mt) is the trophic efficiency.

The kinetics equation (Gascuel et al., 2008) describes
changes in life expectancy and thus the transfer velocity
through the food chain caused by fishing and changes in
predator abundance:

Kt¼ðKt;bas�Ft;basÞ�½1þa�ðBpred
g�Bpred;bas

gÞ=Bpred;bas
g �þFt;

ð4Þ

where Kt,bas, Ft,bas and Bpred,bas designate the kinetics, fishing
mortality and predator biomass (conventionally counted in the
interval of [tþ0.8; tþ1.3]) respectively, in a baseline
situation. Kt and Bpred are the simulated velocity and biomass
respectively, for a given value of fishing mortality Ft.
According to this equation, the speed of flow at trophic level t
depends partly on the abundance of predators Bpred. As a result,
equation (4) introduces top-down control into the model. The
coefficient a defines the intensity of this control and may vary
between 0 (no top-down control) and 1 (all natural mortality
Mt depends on predator abundance). The coefficient g is a
shape parameter varying between 0 and 1, defining the
functional relationship between predators and prey.

The catch equation can be determined from the previous
equations:

Y t ¼ Ft � Bt or Y t ¼ ’t � Pt: ð5Þ

Biomass and catch simulations were carried out using
either the 1980 or the 2012 Ecopath models, to define the
baseline situation required in equation (4). The corresponding
trophic spectra define the values Bt,bas, Pt,bas, Ft,bas and ’t,bas,
from which are deduced the values of Kt,bas (from Eq. (2)) and
mt,bas (from Eq. (3)). The latter parameter, as well as F1, the
biomass flow at trophic level 1, were assumed independent
of fishing and were thus valid for all simulations. Increases
or decreases in fishing pressure were simulated considering
a multiplier of fishing mortality mF varying between 0
(simulation of a no fishing scenario) and 3, with mF= 1
corresponding to the baseline situation. Thus for each
simulation, the fishing mortality value Ft =mF�Ft,bas and
the corresponding loss rate ’t=mF� ’t,bas were used to
calculate the biomass flow Ft (Eq. (3)), the flow velocity Kt

(Eq. (4)), and biomass Bt of each trophic level (Eq. (2)). As
kinetics and biomass are inter-dependent, equations (2) and
(4) have to be solved using an iterative procedure, which starts
with the baseline values Bt,bas, then successively estimates Kt

and Bt for each iteration, and continues until output values
stabilise.

To make the model realistic, the most recent version of
EcoTroph (Gascuel et al., 2011) distinguishes two compart-
ments, one accessible to fishing and the other not, both
characterised by different transfer velocities. This complexity
is necessary because the kinetics of low or intermediate trophic
levels are effectively very different between fished species
(e.g. small pelagics or large crustaceans) and non-fished
species (e.g. zooplankton). Equations (2)–(4) were thus
applied, using distinct parameters, to the whole ecosystem
on the one hand, and only to the fishing-accessible or fishable
fraction (whose parameters are noted B�

t ;P
�
t ;F

�
t ;K

�
t , etc.) on

the other hand. Parameters related to the fishable biomass were
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estimated for the baseline situation by determining, for each
trophic box in the associated Ecopath model, a fishing
accessibility coefficient that varies from 0 to 1 and by
constructing the corresponding spectra. The accessibility of a
group theoretically measures the proportion of biomass that
would disappear in an infinite fishing effort (Gascuel et al.,
2011). Thus, accessibility is generally less than 1 (see Table 2)
due to: selectivity that protects juveniles, the refuge effect in
areas inaccessible to fishing operations, the presence of non-
fished species within certain Ecopath multispecific groups and
the permanent arrival of fish via dispersal or migration for
species whose distribution range is larger than the study area.
The link between total biomass and the accessible fraction is
expressed in the parameter m�

t , also calculated in the baseline
situation. Thus, this parameter measures the resultant between
natural losses that occur during trophic transfers and gains
linked to the conversion of inaccessible biomass into
accessible biomass (e.g. when fish eat zooplankton). Ulti-
mately, catches are calculated by applying equation (5) to the
fished fraction of the ecosystem.

The model was implemented in this study using the R-
EcoTroph package developed by Colleter et al. (2013) and by
using the default values for the parameters a and g (0.4 and
0.5, respectively). The package includes two sub-routines:
ET-Transpose, which builds all trophic spectra derived from
the pre-existing Ecopath model, and ET-Diagnonis, which
performs simulations of increasing or decreasing fishing
mortalities, using the same fishing mortality multiplier for all
trophic classes (mF from 0 to 3.0). Based on the same kind of
simulations, the package also calculates two fishing
indicators: mFMSY,t is the fishing mortality multiplier that
ensures a maximum sustainable yield for trophic class t (thus
overfishing occurs at level t when mFMSY,t< 1), and mF0.1,t
is the fishing mortality multiplier corresponding to the slope
of the catches curve equal to 10% of the original slope
(Gasche et al., 2012). The mF0.1,t indicator is analogous to
F0.1 typically used in stock assessments. By convention, the
value mF0.1,t = 1 defines the lower limit of the full
exploitation. Therefore, the trophic class t is underexploited
when mF0.1,t> 1, and fully exploited when mF0.1,t� 1 and
mFMSY,t≥ 1.

2.5 Ecosystem indices

For a complementary diagnosis of the impact of fishing in
the Celtic/Biscay system, four ecosystem indicators were
calculated from the predicted annual biomass in the Ecosim
model for the 1980–2012 period.

The mean trophic level (MTL) of the biomass in the
ecosystem measures the impact of fishing on the entire trophic
network (Jiming, 1982; Pauly et al., 1998). It is calculated as
follows:

MTL ¼
X

ðTLs � BsÞX
Bs

; ð6Þ

where Bs is the total biomass of species s found in the studied
ecosystem and TLs is its mean trophic level.

The marine trophic index (MTI) reflects the changes in
species composition among the predators in the ecosystem and
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thus measures the impact of fishing on high trophic levels
(Pauly and Watson, 2005). It is defined as the mean trophic
level of species having a trophic level greater than 3.25. Thus
the calculation of MTI excludes planktivorous species whose
variation in abundance depends mainly on environmental
conditions.

The high trophic level indicator (HTI) is a new indicator
proposed by Bourdaud et al. (2016) to measure the impact of
fishing on high trophic levels. It quantifies the abundance of
apex predators (TL> 4) within the total biomass of consumers
(TL> 2) in the ecosystem.

HTI ¼
X

BTL>4X
BTL>2

� 100: ð7Þ

The apex predator indicator (API), also developed by
Bourdaud et al. (2016), is defined in analogy to MTI. It
quantifies the fraction of biomass attributed to apex predators
(TL> 4) relative to the biomass of the ecosystem with a
trophic level greater than 3.25.

API ¼
X

BTL>4X
BTL>3:25

� 100: ð8Þ

3 Results

3.1 Trend in biomass from surveys and catch

One of the main changes recorded in the Celtic/Biscay
ecosystem was the succession of three dominant species of
forage fish within 20 years: mackerel, followed by horse
mackerel and then by boarfish (Fig. 2a). Mackerel biomass
dropped from 1.2Mt in 1980 to 0.15Mt in 1985. During this
same period, horse mackerel, which was then little exploited,
had exceptionally high recruitment in 1982 leading to a strong
increase in its biomass from 0.8Mt to more than 2.8Mt. This
shift led to a change in fishing strategy with a considerable
increase in fishing mortality for the horse mackerel, rising
from 0.04 yr�1 in 1986 to 0.23 yr�1 in 1993. As a result,
catches also increased rapidly and reached their highest
values in 1997 (Fig. 2c), whereas its biomass dropped to
1.15Mt. This decrease was concomitant to an increase in the
abundance of boarfish, whose biomass doubled from 0.4 to
0.8Mt between 1991 and 1998, which then grew further,
exceeding 1Mt since 2010. The boarfish has only a few
potential predators and was not a fishing target until recently.
However, boarfish landings have greatly increased in the past
years, increasing from 35 t in 2001 to more than 80 000 t in
2012, while the biomass of the horse mackerel continued to
decrease and was estimated at 0.53Mt in 2012, a five-fold
decrease compared with 1986.

The abundance of the other small pelagic fish (sardine,
anchovy and herring) showed high variability likely due to
environmental conditions, but also due to a pattern of marked
increases, with cumulative biomass that went from approxi-
mately 0.5Mt early in the study period to 1.5Mt in the later
years. Fishing mortality decreased in the mid-2000s, dropping
from 0.16 yr�1 to less than 0.08 yr�1 on average (Fig. 2d), due
mainly to a temporary increase in the biomass of horse
f 18



0

1,000

2,000

3,000

4,000

1980 1985 1990 1995 2000 2005 2010

Bi
om

as
s 

(th
ou

sa
nd

 to
nn

es
)

Anchovy

Herring

Sardine

Boarfish

Horse Mac.

Mackerel

a

0

100

200

300

400

500

600

700

1980 1985 1990 1995 2000 2005 2010

La
nd

in
gs

 (t
ho

us
an

d 
to

nn
es

) 

Other
Blue whiting
Monkfish
Hake
Demersal M
Demersal L
Sardine
Horse Mac
Mackerel

c

0

100

200

300

400

500

600

1980 1985 1990 1995 2000 2005 2010

Bi
om

as
s 

(th
ou

sa
nd

 to
nn

es
)

Plaice
Cod
Sole
Haddock
Whiting
Megrim
Hake

b

0.0

0.1

0.2

0.3

0.4

0.5

0.6

0.7

1980 1985 1990 1995 2000 2005 2010
Fi

sh
in

g 
m

or
ta

lit
y

Demers.

Pelagics

d

Fig. 2. Trends in stock biomass (a. for pelagics; b. for demersals), catches (c) and mean fishing mortalities (d), for species exploited in the Celtic/
Biscay ecosystem. Catches refer to all species while biomass and fishing mortalities only include stocks assessed by ICES. For visual
representation of trends, the missing biomass in the early period have been estimated proportionally to Statlant catches (hatched areas of time
series; not used in the Ecosim model).

A. Bentorcha et al.: Aquat. Living Resour. 2017, 30, 7
mackerel and then the closing of the anchovy fishery between
2007 and 2009. In recent years fishing mortality was on the rise
and reached its highest value in 2013 (0.26 yr�1), with fishing
effort and catches increasing for boarfish, as well as for herring
and horse mackerel.

Catches in the demersal group were remarkably stable
between 150 000 and 200 000 t yr�1 over the study period. In
contrast, biomass and fishing mortality showed pronounced
changesover the last decade (Fig.2bandd).Until themid-2000s,
mortality recorded in the ICES stock assessments fluctuated
around a high mean value of the order of 0.5–0.6 yr�1 and
biomass was low, ranging from 200 000 to 300 000 t. Between
2005 and 2010, fishing mortality was halved, whereas the total
biomass of the seven fish stocks roughly doubled. This increase
in biomass was mainly due to hake, and, to a lesser degree, to
cod and whiting. Over the last two years of the study period,
fishing effort appears to have increased (from 0.32 to 0.46 yr�1)
although abundance was relatively stable.

3.2 Situation and trends of assessed stocks

The results of the ICES assessments confirmed the trends
mentioned above. The mean B/Bpa ratio of the four demersal
stocks (hake, haddock, cod and whiting) increased greatly
during the end of the study period, rising from 1.1 in 2006 to
4.4 in 2011 (Fig. 3a). Fishing pressure was reduced by more
than two-fold, going from a situation of high overfishing
during the 1990s to a situation close to sustainable fishing in
2011 (F/FMSY ratio dropped from 2.40 to 0.98). However
during the last years of the study period, fishing pressure was
on the rise (F/FMSY = 1.1), whereas the mean biomass of the
fish stocks significantly decreased (B/Bpa = 3.0). Moreover, the
average ratio hides contrasts between demersal stocks. Among
Page 8 o
the four stocks studied here, only whiting and hake are
currently found in the safe zone (Fig. 3c), a net improvement
from 1980 (Fig. 3b). Although haddock have a biomass greater
than the precautionary value Bpa, and higher than in 1980
(Fig. 3b), fishing mortality is still higher than the recom-
mended FMSY value, while the biomass of cod is still severely
depleted. The high biomass of hake and haddock was due to
exceptional recruitment events during the latter years of the
study period.

The average state of the ICES-assessed stocks of pelagic
species showed three major periods. The first period from 1993
to 2001 was characterised by a degradation in the state of
resources, with a decrease in the B/Bpa ratio from 1.94 to 0.83
and mean fishing mortalities similar to or greater than FMSY.
By the early 2000s, the mean trajectory of pelagic resources
was in the danger zone. The second period, from 2001 to 2009,
was characterised by an overall improvement in the state
of stocks. The F/FMSY ratio decreased from 1.05 to 0.5,
whereas the relative abundance B/Bpa grew from 0.8 to 1.9.
This increase more specifically involved herring and horse
mackerel whose biomass increased three-fold during the
period. In the third period covering the most recent years,
fishing pressure increased, with 2015 showing a slight decrease
in the mean biomass. However, the trajectory remains in the
safe zone.

Although the last years of the study period appear to be
characterised by inversion of the promising trends of the
second period, there was an overall improvement in the state of
fish resources studied between 1980 and 2015. Of the 11 ICES-
assessed stocks, 8 were in the safe zone in 2015 (hake, plaice,
mackerel, herring, whiting, sole VIIe and VIIfg, and horse
mackerel; Fig. 3c), compared with three in 1980. On average,
biomass increased, but remained below the Bpa precautionary
f 18
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limit in 2015 for 2 stocks (cod and sole 8ab), while the same
sole 8ab and haddock were still overfished.
3.3 Ecopath models: change in the ecosystem
between 1980 and 2012

The 2012 Ecopath model of the Celtic/Biscay ecosystem
accounts for a total biomass of 165 t km�2 (excluding detritus)
and a biomass of animals (thus excluding primary producers)
of 100 t km�2 (Table 2). With the exception of the small
bathydemersal group, all the upper trophic levels in the
ecosystem were exploited (Fig. 4). The highest tropic level
groups are sharks, toothed whales, hake and monkfish. The
model enables to estimate the mixed trophic impact indices
(Ulanowicz and Puccia, 1990) that measure the positive or
negative impact of each fishery on each group (Fig. 5).
Through model construction, catches of each fish stock
constitute a distinct fishery that thus impacts the related stock.
The strongest impacts were observed on cod and monkfish,
followed by mackerel, megrim, sole and plaice. The mixed
fishery – which conventionally aggregates unassessed catches
– impacts mainly the large sharks and large demersal fish
groups. Positive impacts were observed for whales, which took
advantage of the fishing-induced release of predation on their
prey. Given the compensatory effects linked to this increase in
prey abundance, fishing had little impact on most pelagic fish
(sardine, sprat, large and medium pelagics) or on various small
and medium demersals and blue whiting.

The comparison of the 1980 and 2012 Ecopath models
using trophic spectra extends the finding of ICES stock
assessment analyses to the whole ecosystem (Fig. 6). Overall,
fishing mortality was reduced for all the exploited trophic
classes in the ecosystem. For the high trophic levels (TL
between 4.0 and 4.8), primarily represented by demersal and
large pelagic fish, mortality was close to 0.2 yr�1 in 1980. This
value appears to be low, but the fishing loss rate of the
exploited fraction (’* = Y/P*, which measures the actual
pressure exerted on each trophic class) was greater than
0.8 TL�1, which, in contrast, is very high (80% of the
production of the accessible biomass is harvested each year).
Between 1980 and 2012, fishing mortality and loss rates
decreased by 20 and 25%, respectively, while biomass
increased (þ25%) and catches remained relatively constant.
In other words, the decrease in fishing pressure was
accompanied by a recovery of stocks, for roughly equivalent
catches.

For the intermediate trophic classes (TL 3.4–3.9), which
contain small pelagics and demersals that are little- or non-
exploited (i.e. small and medium demersals and bathydemersal
fish), mean fishing mortality was lower than 0.15 yr�1 in 1980.
The fishing loss rates of the accessible fraction were
nevertheless high, with values greater than 0.7 TL�1. There
was a strong decrease in fishing pressure (�35 and�45% for F
and ’∗, respectively), but biomass remained relatively constant
over the study period. In other words, the decrease in fishing
pressure was not accompanied by an overall recovery of
stocks. Thus, catches also decreased by 35%. The stability in
biomass masked the changes in species composition, with in
particular a decrease in mackerel (TL 3.6) and an increase
in boarfish (TL 3.3).
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Fig. 4. Trophic network in the Celtic/Biscay ecosystem from the 2012 Ecopath model (trophic levels are on the y-axis; circle sizes are
proportional to the Log of the biomass of each group; exploited groups are in dark grey and colours refer diet coefficients).
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Finally, given the very high non-exploited biomass,
the fishing mortality applied to the lower trophic levels
(TL 2.1–2.6) was negligible. The fishing loss rates applied
to the fished fraction increased during the study period,
from 0.08 to 0.14 TL�1, due mainly to the development of
shell fishing. Catches increased in the same proportion
(þ80%).

The changes that occurred between 1980 and 2012 also
affected more global parameters of ecosystem functioning
(Fig. 6, bottom). Trophic flow kinetics estimated from
EcoTroph increased (þ10%) for trophic levels higher than
3.4, even though the decrease in fishing pressure was
expected to have the opposite effect. This change can be
attributed to changes in species composition characterised
by an increase in short-lived trophic groups that have high
Page 10
flow velocity. Organisms thus had shorter lifespans within
their trophic class, thereby reducing the biomass of the class.
This shift has a compensation effect and may explain, at least
in part, the absence of biomass growth in the intermediate
trophic levels. In other words, while the fishing pressure
decreased, the ecosystem was not coming back to the ante
state. Changes that have occurred in species assemblages
lead to faster transfers, inducing lower abundances at
intermediate trophic levels. Furthermore, based on Ecopath
outputs, losses due to respiration increased for these trophic
classes (þ20%). This increase was also related to changes in
species composition and suggests a decrease in the trophic
efficiency of the ecosystem, with more losses in the trophic
transfers and therefore reduced biomass flow reaching the
higher trophic levels.
of 18
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3.4 EcoTroph diagnosis

The simulations conducted with the EcoTroph model
quantified the effects of different multipliers of fishing effort
on the biomass trophic spectrum (Fig. 7a). They showed that
the trophic classes between TL 2.5 and 3.3 were generally
insensitive to fishing. These trophic classes involve some small
pelagic fish, but also groups such as benthos, shrimps and large
zooplankton, which have high biomass and high turnover rates.
These groups are little or non-fished and take advantage of the
fishing-induced release from predation due to the removal of
predators via fishing. The impact of fishing is more noticeable
in the trophic classes between TL 3.3 and 4.1, including
mackerel and horse mackerel, but also groups that are partially
fished such as cephalopods and various demersals. Fishing had
its maximum impact on trophic classes greater than TL 4.2 in
which almost all species are fished and do not benefit from
fishing-induced release from predation. Thus, compared with a
Page 11
no-fishing situation, the current biomass of fished species has
been reduced by 1.3-fold for trophic classes TL 2.5 and 3.0, by
2-fold for TL 3.5 and 4.0, by more than 4-fold for TL 4.5
and by practically 6-fold for TL 4.8 (which includes large
sharks and the largest individuals of the main demersal stocks)
(Fig. 7b).

In terms of catches (Fig. 7c andd), theEcoTroph simulations
indicated that the totalproductionof theCeltic/Biscayecosystem
in 2012 could theoretically increase by 25% if fishing effort
were to double. The analysis by trophic class, however, shows
that this increase only involved trophic classes TL 2.5 and 3.0.
However, the catches in classes TL 3.5 and 4.0 would remain at
the same level and those of higher classes would decline.

The fishing indicators mF0.1 andmFMSY help to establish an
overall ecosystem-scale diagnosis (Fig. 8) by indicating which
trophic classes were fully exploited (mF0.1< 1 fishing effort
must be reduced to reach F0.1, the conventional lower
boundary of full exploitation) or overfished (mFMSY< 1 fishing
of 18
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effort must be reduced to reach the maximum sustainable yield
of the trophic class). Simulations show that in 1980, full
exploitationwas attained for trophic classes between TL 3.4 and
4.2, with overfishing for trophic classes greater than TL 4.2.
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In2012, thediagnosis confirmeda clear improvementof the state
of exploitation in the ecosystem.The trophic classes betweenTL
3.4 and 4.1 thus shifted from full exploitation to underfished.
This change was mainly due to the decrease in fishing pressure
of 18
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during this period. It also reflects in part the increase in biomass
ofgroups thatwere littlefished suchasboarfish, bluewhitingand
pouts,whereasfishingpressure remainedhighonhorsemackerel
and mackerel. We also observed an improvement for trophic
classes TL 4.2–4.4 that shifted from overfishing in 1980 to
sustainable fishing in 2012. This trophic interval includes a
number of important fish stocks such as cod, whiting, megrim,
juvenile hake, large pelagics, etc. However, the trophic levels
greater than TL 4.5 remained overfished.

3.5 Ecosim fitting and ecosystem indicators

Overall, the Ecosim model fit the available time series well
and reproduced the main changes observed involving biomass
and landings in the various fished groups (see Supplementary
Materials S6 and S7). In particular, biomass and catches
simulated in 2012 by Ecosim were close to the initial values
used in the 2012 Ecopath model. Regarding biomass, the
model correctly predicted the upward or downward trends that
occurred between 1980 and 2012, for 11 of the 13 biomass data
series available (Fig. S7). It correctly captured the major
changes observed within the period for species like whiting,
cod, hake, sole or plaice, while recruitment forcing explained a
large proportion of variability observed in mackerel and horse
mackerel. However, the model fit was poorer for some small
pelagics (anchovy, sardine), for which abundance is likely to
be governed more by environmental conditions than by fishing
or the trophic system described in the model.

The trophic-level based indicators, derived from the
Ecosim model, highlight trends in the overall status of the
food web, as a component of the ecosystem health (Fig. 9). The
mean trophic level of the ecosystem biomass (MTL) decreased
at the beginning of the studied period and then remained at low
level. In contrast, other trophic-based ecosystem indicators
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increased slightly over the whole period, with the exception of
a drop in 1985 due to an exceptional horse mackerel
recruitment episode in 1982. This increase appeared to
accelerate after 2005, suggesting an overall improvement in
the state of the ecosystem. However, the change was slight for
the marine trophic index (MTI, 3.68–3.73), while the
improvement appeared to be more pronounced for the high
trophic level index that measures the proportion of predators in
the ecosystem (HTI, 4.0% to 4.9%) and for the apex predator
indicator (API, 22% to 31%). This increase in trophic
indicators was primarily due to the increase in biomass in
species with trophic levels greater than 4, such as whiting, blue
whiting, monkfish, large pelagics, etc. It was also accompanied
by an increase in the trophic level of apex predators, such as
sharks, whose trophic level increased slightly from 4.76 in
1980 to 4.82 in 2012.

4 Discussion

4.1 Limits and scope of the Ecopath model

The construction of Ecopath models is based on
summarising data from the literature and harmonising all
available data. For all of the assessed stocks, we used catch
statistics and estimations of biomass published by ICES
working groups. Although some uncertainties remain, such
statistical data series provide the best information available,
covering the entire ecosystem under study. However, in case of
stocks with a broad species distribution, the biomass found in
the study area was estimated from landings on a surface pro-
rata basis. For the unassessed groups, biomass data were
missing and were thus estimated by the model, using expert
values between 0.8 and 0.95 for the ecotrophic efficiency EE.
Then, we checked the reliability of such biomass estimates,
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especially through examination of the realism of the derived
fishing mortalities. Based on our experience, we argue that
such a procedure is more robust than using densities issued
from scientific surveys and arbitrary values of catchabilities,
to estimate biomass as input of an Ecopath model. Indeed,
the order of magnitude is usually better known for fishing
mortalities F and ecotrophic efficiencies EE than for catch-
abilities q. In such an approach, using the common procedure
of pedigree to assess the whole model quality (Pauly et al.,
2000; Christensen andWalters, 2004), would be inappropriate,
due to its standard assumptions (quality scores high for
biomass from surveys and very low for biomass estimated by
the model, whatever the procedure is).

The reliability of estimates also depends on the quality
of the data used as inputs, particularly on the P/B and Q/B
ratios estimated from empirical equations and the diet
matrix. This matrix was based on an extensive review of
scientific studies, taking into account close or similar
ecosystems, but for a time period stretching from 1980 to
2006. It is likely the weak point of our model, which should
thus be considered as a first approach that provides an
overall picture of the ecosystem state. This model should be
improved upon in the future, in particular by including the
sampling and analysis of stomach contents, a programme
that has been recently initiated by IFREMER. As a related
consequence, it would be of little interest to include complex
sensitivity analyses here, before improving the diet matrix
reliability or without taking into account the (unknown)
uncertainty on diet coefficients (as, for instance, the Monte
Carlo EwE procedure currently does).

Another future model improvement should be to reconsid-
er the ecosystem boundaries. Here, we chose to combine the
two areas, the Celtic Sea and the Bay of Biscay, into one
ecosystem because they belong to the same Large Marine
Ecosystem (LME 24), there are several overlapping stocks
(megrim, hake, small pelagics), and the dataset was homoge-
neous, being compiled from the Evohe surveys covering the
entire study area. Nevertheless, ecosystem approaches
implemented by the CIEM (ICES Ecoregion Advice, 2014)
or as part of the Marine Strategy Framework Directive
(MSFD) now consider these two distinct ecoregions, based on
biogeography, faunal composition and oceanographic char-
acteristics (bathymetry, ocean circulations, stratification).
Splitting the model to distinguish the two ecosystems is a
required step currently in progress (Moullec et al., 2017).

4.2 Overfishing and ecosystem diagnosis

Stock assessments and trophic modelling are clearly
complementary approaches for diagnosing the state of an
ecosystem (Shephard et al., 2014; Gascuel et al., 2016). Here,
we showed that the Celtic/Biscay ecosystem was heavily
fished during the 1980–2000 period. Despite the introduction
of a common fisheries policy in 1983 and the first regulatory
measures implemented in the 1980s and 1990s (Holden and
Garrod, 1996), fishing pressure has remained very high,
especially for demersal species. In 1980, eight of the eleven
stocks studied were overfished, of which five were in critical
condition with a biomass lower than the precautionary
threshold. The ensuing European regulations were notoriously
insufficient with, in particular, legal sizes lower than the sizes
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at first maturity and fishing mortalities that reached two to
six times natural mortality (Froese et al., 2008; Guénette and
Gascuel, 2012). This situation also meant that the vast majority
of fished trophic classes were fully or overexploited.

The implementation of the precautionary approach in the
late 1990s (ICES, 1999) marked the beginning of a clear
reduction in fishing pressure. This reduction continued in 2009
with the initiation of the transitory fisheries management
scheme to bring stocks to the fishing rate supposed to produce
the maximum sustainable yield by 2015. During the last
studied years, the actual fishing pressure measured by the
catch-to-production ratio has thus decreased by 25–45% for
trophic levels greater than 3.0. Overall, the diagnosis shows
that the state of health of the ecosystem clearly improved.
The biomass of predators and the trophic indices increased,
while overfishing was observed in only the highest trophic
levels (4.4 compared with 4.2 in 1980). However, this
improvement was partly due to some exceptional recruitment
events, in particular for hake and haddock.

For the most recent years, the study depicts an ecosystem
that remains heavily exploited, with fishing mortalities that
appear to be on the rise again. In 2015, three of the eleven
assessed stocks are still overfished and/or severely depleted, as
are more generally trophic levels greater than 4.4 in the last
EcoTroph diagnosis. The apparently favourable situation for
trophic levels lower than 4.4 masks some contrasts revealed
in CIEM stock assessments as well as Ecosim simulations.
Thus, the EcoTroph model leads to an overall diagnosis of
sustainable fishing because it combines within a single trophic
class overfished stocks such as mackerel, horse mackerel, sole
or plaice, with little fished groups and those with high biomass
such as boarfish, blue whiting, pouts and various crustaceans.
Finally, in an ecosystem perspective, mean fishing mortality
of demersal species remained higher than the FMSY target and
much higher than the threshold of F = 0.8�M recommended
by Walters and Martell (2004). In contrast, mean fishing
mortality of pelagic stocks was close to the FMSY level in 2015
and very close or even slightly below the threshold of
F= 0.6�M recommended by Patterson (1992).

4.3 Changes in the trophic functioning of the
ecosystem

One of the major changes that occurred during the study
period was the gradual replacement of mackerel and horse
mackerel by less exploited species in the ecosystem, such as
boarfish, blue whiting and pouts. These species with higher
productivity seem to have taken advantage of the environmen-
tal changes but also of higher availability of their trophic
resources, related to the fishing-induced reduction in
abundance of their competitors. Boarfish in particular is a
short-lived species, very common in the Mediterranean region.
Blanchard and Vandermeirsch (2005) noted its high colonising
capacity and attributed its increase in biomass to the significant
increase in bottom temperatures in the Bay of Biscay,
particularly during its reproductive season. This increase in
biomass occurred at a time of high trophic availability, with
an increase in abundance of one of its main prey Calanus
helglandicus (WGWIDE, 2014) and the decrease in abundance
of mackerel and horse mackerel, which are Calanus predators
and thus compete with boarfish.
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These changes in species composition modified ecosys-
tem functioning. In particular, there was an increase in the
kinetics of trophic transfers (see Fig. 6), although the decrease
in fishing mortalities and thus increase in mean lifespan
should lead to the opposite situation. Overall, such faster
trophic transfers across the food web tend to reduce biomass
present within each of the trophic classes (Gascuel et al.,
2008; Gascuel and Pauly, 2009). This is a general rule of the
trophic dynamics: faster transfers imply lower residence
times and thus less biomass within each trophic class. Here,
the increase in flow kinetics explains, at least in part, the
relatively constant biomass at intermediate trophic levels. The
anticipated gains from more precautionary fishing seems to be
somewhat countered by an increase in the velocity of trophic
transfers.

The overfishing that occurred during the study period thus
seems to have favoured trophic groups characterised by more
rapid turnovers and matter transfers. Generally, these groups
exhibit higher resilience to fishing (Gascuel and Pauly, 2009).
However, at the same time, the results showed a nearly 20%
increase in the respiration rates in the intermediate trophic
levels, reflecting a decrease in transfer efficiency. In other
words, due to changes that have occurred in species
assemblages, the transfer of biomass in the trophic network
occurred more rapidly, with shorter residence times within
each trophic class, but less efficiently with more losses when
moving from low to high trophic levels. This decrease in
transfer efficiency may explain in part the weak increase in
biomass observed in high trophic levels.

In our model, increases in respiration were linked to
changes in species composition of intermediate trophic levels.
In particular, the abundance of species characterised by low
respiration rates, such as mackerel and horse mackerel,
decreased between 1980 and 2012, while herring and boarfish
characterised by higher respiration rates increased. Such
results should be considered with care due to the high
uncertainty affecting respiration rates estimates in most
Ecopath models, including ours. Nevertheless, published
values based on experimental studies tend to confirm this
pattern, with higher respiration rates for herring than for horse
mackerel (Johnstone et al., 1993; Wardle et al., 1996).

On the other hand, respiration is a metabolic process that
is closely related to temperature (Pauly and Moreau, 1997)
and temperature increased significantly in the Bay of Biscay
and Celtic Sea during the study period (Garcia-Soto et al.,
2002; Chust et al., 2011; Planque et al., 2003). This possible
effect of temperature on the efficiency of transfer within the
trophic network has been cited as one of the major
consequences of climate change (Cheung et al., 2013). The
effect was not considered in our approach, but could be
included in the EcoTroph model by changing the natural loss
rate parameter (mt) over time. In such case, losses in trophic
transfers due to respiration would increase, and the food web
functioning would become even less efficient.

Overall, our results clearly highlight how human-induced
changes in species assemblages may affect the global
functioning of marine ecosystems, with potential impacts on
the whole food web efficiency. Even if also observed in other
ecosystems (e.g. Anh et al., 2015, in Vietnam), such effects
remain poorly studied in trophic ecology. In the Celtic/Biscay
ecosystem, some of the observed changes seem to be
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characteristic of a disturbed ecosystem, sensu Odum (1969),
with an increased dominance of short-lived, highly productive
species (Kay et al., 1989; Christensen, 1995) and with an
increasing respiration rate per unit biomass (Fath et al., 2004).
Thus, although the reduction in fishing pressure has improved
the situation for certain fished stocks, the recent reduction has
not been accompanied by a verifiable recovery of ecosystem
structure and functioning. This type of pattern has been
observed in most European ecosystems (Gascuel et al., 2016)
and confirms that ecosystem changes, and in particular those
induced by fishing, involve relatively slow dynamics, with
recovery times that require decades (Jackson et al., 2001;
McCauley et al., 2015).
5 Conclusion

The case study of the Celtic/Biscay ecosystem illustrates
the usefulness of trophic models such as Ecopath, Ecosim and
EcoTroph as tools to guide fisheries management. These
models cannot replace single-species approaches to stock
assessment, which remain necessary in particular to predict
short-term changes, assess short term different fisheries
management strategies and calculate fishing quotas. The
trophic models are complementary because they provide three
types of results. First, they can generalise the diagnostic of the
impact of fishing to the whole ecosystem. In particular, the ET-
Diagnosis routine of the EcoTroph model (available as an EwE
plugin on http://www.ecopath.org, or as an R package on
http://cran.r-project.org/) estimates the functions of production
established according to trophic class rather than by stock, as
well as indicators that can identify which classes are
sustainably fished and which are overfished. Second, trophic
models help to understand the ecosystem functioning and
interpret unexpected changes. In the case of the Celtic/Biscay
ecosystem, there were for example changes in species
composition in forage fish, undoubtedly due to climate change
and fishing impacts. Such changes reflect deteriorating trophic
functioning of the ecosystem, with biomass transfers within the
trophic network that appear to be more rapid and probably less
efficient. These changes in functioning can explain, at least in
part, why the biomass of the ecosystem did not increased
substantially, or at levels lower than that anticipated by the
decrease in fishing pressure.

Third, trophic models are useful for fisheries management
because they can explore various scenarios and long term
impacts of policies such as MSY (e.g. STECF, 2015a and b).
In the Celtic/Biscay system, scenario building remains to
be developed and will be the focus of an upcoming research
project. On the medium term, one major issue is the identi-
fication and assessment of trade-offs between various
management goals that are currently defined on a stock-by-
stock basis, and that can be incompatible at an ecosystem
level. MSY management that the European Union is striving
to set up will require compromises between fish stocks and
fisheries. More generally, different management scenarios
need to be assessed with the goal of minimising the long-term
impact on the ecosystem as a whole. Trophic modelling thus
appears as a key step for defining strategic options for the
medium term and for setting up a veritable ecosystem
approach to fisheries management.
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